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[1] Bioremediation can be a cost-effective approach to clean up groundwater
contaminants, especially in cases where numerical models have been used to
evaluate microbial processes and design remediation strategies. This paper describes the
three-dimensional reactive transport modeling of carbon tetrachloride (CT) bioremediation
at the Schoolcraft site in western Michigan. A ‘‘biocurtain’’ was created to remediate
this site using a recirculation well gallery installed normal to groundwater flow, which was
inoculated with nonnative microbes and fed with weekly additions of electron donor
(acetate) and nutrients. The model simulates the transport and reactions of aqueous and
sorbed phase CT, acetate, electron acceptor (nitrate), mobile and immobile microbes, and
tracer (bromide). Simulated microbial processes include growth, decay, attachment,
detachment, and endogenous respiration. This model was used to predict solute
concentrations across the site using laboratory-based reaction parameters and to evaluate
changes in rates from the laboratory to the field. A reasonable agreement was found
between predicted and observed acetate and nitrate concentrations; however, a lower
CT degradation rate was needed to describe the CT concentrations observed after the
inoculation event.
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1. Introduction

[2] Groundwater resources in many areas of the world are
being threatened by the presence of recalcitrant chlorinated
organic compounds, which are difficult to remediate using
traditional approaches. Alternative remediation strategies,
such as those that inject microbes and the substrates to
support them, are being developed to degrade such organic
contaminants to harmless end products. Although success-
ful application of bioremediation has been documented at
several sites containing chlorinated organic compounds
[Semprini et al., 1990; Lu et al., 1999; Duba et al., 1996;
McCarty et al., 1998; Clement et al., 2000; Dybas et al.,
2002; He et al., 2003], quantitative prediction of field-scale
solute and microbial transport continues to be a challenge
due to inadequate characterization of aquifer heterogeneity,
insufficient knowledge of key processes at the field-scale,
and lack of information to scale-up laboratory observations
and modeling to the field sites [Imhoff et al., 2003]. In this
paper, we demonstrate how a 3-D flow and multispecies
reactive transport model can be used to understand pro-

cesses associated with the biodegradation of chlorinated
organic compounds, using data from the well characterized
Schoolcraft biouaugmentation site in Michigan. In partic-
ular, we are interested in identifying the changes in rates
from laboratory studies to the field site.
[3] Numerical models have been used to both design

subsurface delivery strategies [Lang et al., 1997; Hyndman
et al., 2000; Scheibe et al., 2001] and evaluate biodegrada-
tion processes in laboratory experiments [Chen et al., 1992;
Phanikumar et al., 2002; Kim et al., 2003]. Such models
can provide significant insight into the nature and rates of
the processes that drive bioremediation when adequate
laboratory data are available for model development and
calibration. In contrast, such models have rarely been used
to evaluate the rates and processes driving active bioreme-
diation in heterogeneous aquifers.
[4] Recent advances in biological reactive transport

modeling are summarized in several excellent review
articles. Tomson and Jackson [2000] provide an overview
of reactive transport in heterogeneous systems, while
Murphy and Ginn [2000] and Murphy et al. [1997] review
the status of modeling microbial processes in porous
media. Brun and Engesgaard [2002] and Prommer et al.
[2002] reviewed the status of modeling biogeochemical
processes and the fate of oxidizable organic matter in
groundwater, while Alvarez-Cohen and Speitel [2001]
review the cometabolism kinetics for chlorinated solvents.
These review articles and references therein provide a
good overview of biological reactive transport modeling
in heterogeneous systems.
[5] Significant progress was made in the development

and application of models to predict field-scale biodegra-
dation. For example, McCarty et al. [1998] treated TCE
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contamination at the Edwards Air Force Base (AFB) site
in California by injecting toluene, oxygen and hydrogen
peroxide in groundwater that was circulated through two
contaminated aquifers using two treatment wells located
10 m apart. Gandhi et al. [2002a] later developed a 2-D
finite element model of the two-well recirculation system
at the Edwards AFB site and reported a detailed analysis
of the field data using reactive transport modeling [Gandhi
et al., 2002b]. The natural attenuation of BTEX com-
pounds at the Hill AFB site in Ohio was modeled by Lu
et al. [1999] using a two-dimensional model of the site
based on the RT3D reactive transport code. Smith et al.
[2001] injected sodium formate as an electron donor to a
sand and gravel aquifer in Cape Cod, Massachusetts, to
remediate groundwater nitrate contamination. Observed
breakthrough curves were simulated using a 2-D model
that included transport, denitrification, and microbial
growth. Initial values for model parameters were obtained
from laboratory incubations with aquifer core material
and were later refined to fit field breakthrough curves.
Their laboratory and model results indicated that formate-
enhanced nitrite reduction was nearly four times slower
compared to nitrate removal although nitrite was com-
pletely consumed in the laboratory. Murphy et al. [1997]
examined the influence of physical heterogeneity on
microbial transport and degradation in porous media
using a combination of intermediate-scale experiments
(i.e., meter long 2-D flow cell) and modeling.
[6] Only a few studies [e.g., Clement et al., 2000;

Schirmer et al., 2000] have used reactive transport models
to evaluate how biodegradation processes and rates change
from the laboratory to the field, which is critical information
for field-scale remediation design. Clement et al. [2000]
used multispecies reactive transport modeling to understand
processes and rates that control natural attenuation at the
Dover Air Force Base site in Delaware. Their calibrated
two-dimensional model predicted the observed distributions
of TCE, PCE, DCE, vinyl chloride (VC), and chloride
plumes. The field-scale decay rates were within the range
of values that were estimated based on laboratory-scale
microcosm and field-scale transect analyses. Schirmer et
al. [2000] used the numerical model BIO3D and applied
laboratory-derived Monod kinetic degradation parameters to
simulate dissolved gasoline transport and degradation at the
Canadian Forces Base site, Borden. They found that oxygen
transport into the plume was the most important factor that
controls the field-scale degradation. Recognizing the fact
that a major source of uncertainty in multicomponent
reactive transport models is associated with the reaction
parameters, Tebes-Stevens and Valocchi [2000] developed
approaches to compute reaction parameter sensitivity coef-
ficients to gain insight into the relative significance of
parameters and to rank them in terms of their importance.
Schäfer [2001] applied the 3-D numerical reactive transport
model TBC to understand contaminant spread and pump-
and-treat remediation of xylene at an abandoned refinery
site in Germany. Mayer et al. [2001] used multicomponent
reactive transport modeling to evaluate the potential for
natural attenuation of a plume containing phenolic com-
pounds at a site in West Midlands, UK.
[7] Our literature survey indicates that significant prog-

ress has been made in understanding controls on bioreme-

diation at both the laboratory and field scales. Relatively
few studies [e.g., Mayer et al., 2001; Schäfer, 2001] have
reported fully 3-D field-scale simulations, and linkages
between laboratory and field-scale systems need further
exploration. In this study, we simulate the 3-D multicom-
ponent reactive transport processes associated with the
bioaugmentation and subsequent bioremediation of a carbon
tetrachloride (CT) plume near Schoolcraft, Michigan. Our
reactive transport model was first developed and calibrated
based on a laboratory column study [Witt et al., 1999]
that was designed to mimic conditions of the field site and
the bioremediation strategy [Phanikumar et al., 2002;
Phanikumar and Hyndman, 2003]. Here we demonstrate
the use of the laboratory-calibrated model to predict the
complex bioremediation of CT in the heterogeneous glacio-
fluvial Schoolcraft site, and evaluate if microbial parameters
differed between the laboratory and the field. The numerical
model used in this research simulates the key processes
involved in CT biodegradation by the introduced microbe
Pseudomonas stutzeri strain KC. This microbe, which
was isolated from groundwater in Seal Beach, California
[Criddle et al., 1990], transforms CT to carbon dioxide and
harmless end products under anaerobic and iron limiting
conditions [Tatara et al., 1993, Dybas et al., 1995]. Under
such conditions, strain KC can use nitrate as an electron
acceptor and acetate as an electron donor for growth and
produces pyridine-2,6-bis(thiocarboxylate) or PDTC [Lee et
al., 1999], which then mediates the CT dechlorination
reaction.

2. Overview of the Schoolcraft Field Site

[8] Schoolcraft plume A is a CT contaminated region that
is roughly 1.6 km long and 160 m wide near the town of
Schoolcraft, Michigan (Figure 1). This plume extends from
about 9 to 27 m below ground surface (bgs) within an
unconfined glaciofluvial aquifer in the Southwestern part of
Michigan. The water table at this site is roughly 5 m bgs and
the base of the aquifer is defined by the top of a thick clay
unit at 27.3 m bgs. CT contamination at this site is
associated with its historical use as a fumigant in an
upgradient grain silo. The region surrounding the CT plume
is also contaminated with 50–80 ppm of nitrate, which is
mostly attributed to historical agricultural activities over
much of the aquifer’s recharge area.

2.1. Treatment System and Site Characterization

[9] The field system was designed as an active biore-
mediation transect perpendicular to the natural gradient
flow of the CT plume, after alternatives such as a funnel
and gate system [Starr and Cherry, 1994] were rejected
due to feasibility concerns. This bioremediation transect
(Figure 2), which we call a biocurtain, was designed to be
inoculated one time with nonnative microbes, and then fed
with only 6 hours of recirculation pumping per week.
Bioaugmentation with nonnative microbes was necessary
at this site because the native micoflora did not demon-
strate efficient CT degradation in bench-scale studies
[Mayotte et al., 1996] and produced chloroform, an unde-
sirable end product. A pilot-scale field study at the School-
craft site showed that strain KC was assimilated into the
aquifer community and 60–65% of the CT was degraded
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near the injection well, however greater hydraulic control
would be required to achieve higher degradation efficiencies
[Dybas et al., 1998].
[10] The lowest cost delivery well operation within the

designated constraints was shown to be two phases of
recirculating flow between fifteen fully screened wells
spaced one meter apart [Hyndman et al., 2000]. At the time
of system installation, the detailed aquifer properties were
characterized using seven minimally disturbed sediment
cores across the proposed biocurtain transect (10.67 to
27.43 m) collected with a Waterloo continuous core
apparatus [Dybas et al., 2002]. Sediments were first
visually analyzed and classified by grain size distribution,
and samples were analyzed for hydraulic conductivity,
sorption properties and sorbed contaminant concentra-
tions. The first phase of core sample analyses showed
that the aquifer sediments could be classified into three
distinct zones based on both visual inspection and the
measured hydraulic and sorption properties. The pumping
rate (9.1 m3/hour) and duration (i.e., five hours plus one
hour of flow reversal) were obtained from the preliminary
optimization study as part of the minimum cost scenario
satisfying our constraints, and then refined using a 3-Dmodel
with layered conductivities [Hyndman et al., 2000]. This
model provided a mechanism to test if the field operations
were reasonably described by the three dimensional model.
During the first system operation, a tracer test was conducted
using the flow rates and durations determined from the model
predictions.
[11] A nonuniform grid with 134 (Y) by 86 (X) by 44 (Z)

cells was developed with (20 cm � 20 cm � 50 cm) grid
cells surrounding the delivery well gallery as shown in

Figure 3. The horizontal discretization is finer than in the
vertical dimension to more accurately represent the steeper
hydraulic head gradients in the horizontal dimension. A 3-D
hydraulic conductivity field was developed for our flow and
transport models by interpolating the measured conductivity
values into four distinct stratigraphic zones that were
defined by visual analysis of the core material, as described
by Biteman et al. [2004]. This effort incorporated hydraulic
conductivity measurements from four additional cores that
were drilled downgradient of the delivery well gallery once
the bioremediation system was operational. In total, this
provided 346 hydraulic conductivity measurements in the
vicinity of the delivery well gallery. Horizontal and vertical
variograms were then fit to the experimental variograms for
each zone with some supplemental information from out-
crop analog analysis, allowing us to independently krig the
measured conductivity values within each zone. The vario-
grams show a strong anisotropy with horizontal correlation
lengths of 18 m in the direction of groundwater flow, 6.9 m
in the direction perpendicular to flow, and 0.9 m in the
vertical direction [Biteman et al., 2004]. The subsets of
kriged conductivity fields were then joined into a single
conductivity field (shown in Figure 4) using a MATLAB
script. The measured hydraulic conductivity values are also
shown as a function of depth in Figure 5, which clearly
shows a deep high-conductivity region with lower conduc-
tivities toward the water table.

2.2. Biocurtain Operation and Monitoring

[12] An array of multilevel monitoring wells was installed
to measure the changes in concentrations before, during, and
after inoculation and feeding events. The monitoring well
array consisted of 134 piezometers with 0.3 m long screens
across the vertical extent of contamination (Figure 2) both

Figure 1. Map of the Schoolcraft, Michigan, region
showing plume A, modified from Mayotte et al. [1996].
The location of the bioaugmentation system modeled in this
paper is also shown.

Figure 2. Layout of the bioaugmentation system installed
at the Schoolcraft site showing the delivery well gallery
(wells D1 through D15) and the network of monitoring
wells. Data from the circled monitoring wells (9, 10, 12,
and 13) are presented in the text.
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upgradient and downgradient of the delivery well gallery.
The system was operated from day 21 through the inocula-
tion event on day 67 using groundwater supplemented
with sodium hydroxide to raise the pH of the biocurtain
region for efficient bioremediation with strain KC. During
each of the events, groundwater was pumped at approx-
imately 150 L/min from either the even or odd wells for a
5 hour period, amended with sodium hydroxide to a pH of
8.2, and reinjected into the remaining delivery wells.
During routine operation, the five hour pumping period
was followed by a one hour reversed flow (in which
injection wells in the previous stress period became
extraction wells and vice versa) while the flow was due
to natural gradient during the remainder of the week.
Details of this operation are summarized in Table 1, and
further details are given by Dybas et al. [2002].
[13] The delivery well grid was inoculated on day 67

with 18,900 L of Pseudomonas stutzeri strain KC. The
concentrations of the injected components during routine
operation are shown in Table 1. For modeling the 3-D
reactive transport in the vicinity of the biocurtain, we have
selected a 165-day period starting from the first tracer
test (day 0) and ending on day 165, with inoculation on

day 67. A stress period refers to a distinct computational
time interval in MODFLOW or RT3D such that the
transient stresses (e.g., pumping rates) can only change
at the beginning of a stress period. Different stress periods
in our simulations correspond to different durations of
time (e.g., a period of one hour pumping, a one week
period with no pumping etc.) Each stress period is usually
subdivided into smaller time steps whose value varied
depending on the pumping rate. Thus the total simulation
period in our model was divided into 88 stress periods
with inoculation in stress period 45. This simulation
period provided a sufficient window to capture all
our major preinoculation and postinoculation field events.
Time steps used in the present work varied from 0.01 days
to 0.8 days.

2.3. Initial Concentrations and Tracer Modeling

[14] The hydraulic conductivities and the aqueous phase
CT concentrations from the 221 locations within the bio-
curtain zone were kriged to provide conductivity and initial
concentration fields for the flow and transport models. On

Figure 3. (a) Map view of the finite difference mesh used in the present work showing the horizontal
extent of the computational domain. (b) Mesh around the delivery well gallery showing the well locations
at a depth of 7.2 m bgs.

Figure 4. Hydraulic conductivity field in the vicinity of
the delivery well gallery showing the heterogeneity at the
Schoolcraft plume A site.

Figure 5. Measured hydraulic conductivity values versus
depth.
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the basis of visual inspection, we classified the background
CT concentrations into different layers similar to the
hydraulic conductivity values. The observed CT values
were divided into six layers (28–15.5 m, 15.5–11.5 m,
11.5–8 m, 8–5 m, 5–2 m, and 2–0 m bgs respectively)
and kriged as separate zones. The kriged values in
different layers were then merged into a single block to
generate the initial CT field for the entire domain. The
deeper high-conductivity layers were found to contain
small coal particles that contributed to a higher CT
distribution coefficient and hence higher sorbed CT con-
centrations. The initial CT field was used to generate an
initial sorbed concentration field using the distribution
coefficients for different layers [Dybas et al., 2002]. Initial
nitrate concentrations were fairly constant across the
region, so measured values were averaged across layers
to provide initial concentrations for the model. Figure 6
shows the kriged field of initial CT concentrations, while
Figure 7 shows the layer-averaged initial nitrate concen-
trations used in our simulations. Figure 7 also shows the
average concentrations of CT with higher levels of con-
tamination in the deeper high-conductivity layers, as
expected since this site is near the downgradient end of
the plume.
[15] A 3-D finite difference flow and transport model was

developed based on the heterogeneous conductivity field
using MODLFOW-2000 [Harbaugh et al., 2000] and RT3D
[Clement, 1997; Clement and Jones, 1998]. MODFLOW
simulations were run in a steady state mode for each stress
period. We have tested the influence of this assumption by
comparing our model results with a fully transient model
and the results were found to be in good agreement. The
tracer transport model based on the zonally kriged conduc-
tivity field provided improved predictions of the observed
bromide concentrations for a 20 day period relative to a
conductivity field developed using kriging across the entire
region [Biteman et al., 2004]. This is not surprising, since
the addition of stratigraphically significant boundaries helps
preserve abrupt changes in the conductivity field and better
honors the stationarity assumption within zones [Deutsch
and Journel, 1992]. The model accounted for well bore
deviation, which was measured with a deviation probe. This
deviation is important to consider for situations such as in
this recirculation well gallery because small deviations can
be significant given the short distance between wells. In
addition to the variation of permeability, we also examined
the influence of spatial variations in porosity by incorpo-
rating kriged porosity fields into the model. Porosity of the
aquifer varied from 0.33 to 0.39. However, porosity varia-

tions were found to have a much smaller influence on
transport simulations compared to the much larger perme-
ability variations. Hence we have used a constant value of
0.35 for the porosity. Figure 8 shows the observed and
simulated bromide tracer concentrations for this natural
gradient tracer test, in which bromide was injected for
5 hours into the even numbered wells, with 1 hour of flow
reversal with injection into the odd numbered wells
(Figure 2) followed by a period of approximately 19 days
of natural gradient flow with no pumping. The calibrated
dispersivity value (aL) used in the bromide tracer model is
0.01 m. A value of 0.1 was used for the ratio of longitudinal
to transverse dispersivity. Since dispersion is essentially
differential advection, the low value of aL implies that we
were able to capture the velocity variations reasonably well
using our kriged conductivity field. These data clearly show
the relatively rapid breakthrough of tracer in the deeper
high-conductivity region.

3. Multicomponent Reactive Transport

[16] Our reactive transport model describes the comet-
abolic transformation of carbon tetrachloride by strain

Table 1. Simulation Details for the Field-Scale Model Including Stress Period Durations and Injected Concentrations

Details

Duration of stress periods and
pumping schedule

The cycle is as follows: (1) injection into even wells and extraction from odd wells
(5 hours); (2) reversed pumping (1 hour); (3) natural gradient flow (i.e.,
no pumping for remainder of the week); (4) injection into odd wells and
extraction from even wells (5 hours); (5) reversed flow (1 hour); (6) natural
gradient flow (i.e., no pumping for remainder of the week). The above
cycle is repeated.

Injected concentrations of
microbes, acetate and nitrate
(mg/L)

The microbe, acetate and nitrate concentrations during inoculation were
106 CFU/mL, 800 ppm, and 30 ppm respectively. Inoculation occurred on
day 67 during stress period (SP) 45. Injected concentrations considered
added mass from extracted water via recirculation. Injected acetate
concentration after inoculation is 80 ppm.

Figure 6. Kriged background observations of carbon
tetrachloride (CT) concentration, which are used as initial
conditions for our model. Initial sorbed phase CT
concentrations were calculated using these aqueous CT
concentrations and the partition coefficients for different
layers shown in Table 2. Groundwater flows in the direction
of increasing X values.
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KC under denitrifying conditions with acetate as the
electron donor and nitrate as the terminal electron
acceptor. The processes modeled include the transport
of CT and other components in the presence of

advection, dispersion, sorption, chemical reaction as well
as microbial growth, decay, attachment and detachment.
A seven-component reactive transport model was devel-
oped to simulate the primary reactions involved in the
transport, biotransformation, and sorption of CT in an
aquifer environment. Microbial processes and rates
associated with these reactions were estimated earlier
for a laboratory column packed with sediment from
the Schoolcraft field site based on detailed temporal
and spatial data. The resulting simulations provided
a reasonable match to observed laboratory column
data [Phanikumar et al., 2002]. The differential
equations (1)–(7) describing the evolution of the con-
centration fields in three dimensions (written using
tensor notation) are coupled due to the substrate utili-
zation, growth and decay in addition to considerations
of bioavailability [Phanikumar and Hyndman, 2003],
which determine the form of the degradation terms
and the coupling between the microbial population
and contaminant concentrations.
[17] Equation (1) describes the transport and degradation

of aqueous phase CT with sorption, while (2) describes the
growth, decay, and attachment of mobile strain KC cells and
the detachment of immobile strain KC cells. Equation (3)
describes the coupled processes for the immobile phase
strain KC cells. Equations (4) and (5) describe the utiliza-
tion of the electron donor (acetate) and the electron acceptor
(nitrate) respectively, while equation (6) describes the
concentration of sorbed CT based on a two-site sorption

Figure 7. Layer-averaged nitrate concentrations as a
function of depth used as an initial condition for nitrate
in the model. Also shown are layer-averaged CT
concentrations.

Figure 8. Observed and simulated bromide tracer concentrations for a 20-day period before inoculation.
These values were normalized by the original tracer concentration released at the delivery wells.
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model. Equation (7) describes the transport of bromide, the
conservative tracer used in this work.
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[18] A complete description of all the symbols is provided
in the nomenclature list. Parameter values used as inputs to
the model are shown in Table 2. Details of our model
development and a complete set of parameters are available
from Phanikumar et al. [2002]. This earlier model, which
includes degradation only in the aqueous phase, was later
modified to take into account degradation in the sorbed
phase as well [Phanikumar and Hyndman, 2003]. The four
parameters indicated by footnote a in Table 2 were reesti-
mated for the laboratory column based on the new model in

which degradation is included in both aqueous and sorbed
phases. These new parameters [Phanikumar and Hyndman,
2003] and the remaining parameters [Phanikumar et al.,
2002] are used for our field-scale simulations in this paper
and are shown in Table 2. The representativeness of the
uncalibrated parameters is discussed by Phanikumar et al.
[2002], where we systematically examined the uncertainty
associated with all parameters using the laboratory based
measurements and model. We only estimated those param-
eters that were known to have a high degree of uncertainty.
The remaining parameters were either measured in the
laboratory or in the field and have relatively low uncer-
tainty. The above equations are essentially identical to
equations (4)–(10) of Phanikumar and Hyndman [2003]
with the exception of the source terms due to well
recirculation, the heterogeneity and the tensor notation.
[19] In the above equations, the dispersion tensor Dij is

calculated based on the velocity and the longitudinal and
transverse dispersivities, aL and aT using Scheidigger’s
relations. The sorption terms of equation (1) are based on
a two-site model [Zhao et al., 1999] which has sites that
follow both equilibrium and kinetic descriptions. Our
model assumes degradation on both equilibrium and kinetic
sites. While degradation on the kinetic sites is shown in
equation (6), the part that corresponds to the equilibrium
sites is included in a term on the right hand side of
equation (1). The sink terms in the nitrate equation (5)
account for multiple processes that use electron acceptors.
The first term accounts for the nitrate used for KC growth,
while the second term accounts for nitrate utilization in
processes such as microbial decay. Ynb is a stoichiometric
factor for the dying strain KC biomass and is the ratio of
biomass oxidized to nitrate consumed. The model accounts
for dynamic partitioning, which allows microbial processes
such as attachment, detachment and decay to be linked to
the substrate concentrations through Monod terms and
hence acknowledges a spatiotemporal dependence. For
example, the multiplier on the decay term (bKC) accounts
for an increase in decay rate at low substrate concentra-
tions [Beeftink et al., 1990]. Similarly, Zhang et al. [2001]

Table 2. Parameters Used in the Model

Parameter Definition Value

aL longitudinal dispersivity, m 0.01
bKC microbial decay rate, day�1 0.13a

f fraction of exchange sites at equilibrium 0.437
g nitrate utilization coefficient, day�1 18.89a

Kat attachment rate, day�1 0.9
Kd distribution coefficient, L/kg, at 9–15 m bgs 0.145b

Kd distribution coefficient, L/kg, at 15–21 m bgs 0.165b

Kd distribution coefficient, L/kg, at 21–27 bgs 0.353b

Kdet detachment rate, day�1 0.04a

Ks half-saturation coefficient for acetate, Ksa, mg/L 1.0
Ks half-saturation coefficient for nitrate, Ksn, mg/L 12.0
k0 Second-order CT reaction rate, L/mg-day 0.12a

k first-order kinetic (de) sorption rate, day�1 0.36
mmax maximum specific growth rate, day�1 3.11
q sediment porosity 0.35
rb soil bulk density, mg/L 1.63 � 106

Ya yield for acetate, Ya, mg cells/mg substrate 0.4
Yn yield for nitrate, Yn, mg cells/mg substrate 0.25
Ynb yield for Biomass, Ynb, mg cells/mg substrate 0.46

aParameters estimated by Phanikumar and Hyndman [2003].
bTaken from Dybas et al. [2002].
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found spatial variations in attachment rate coefficient at the
Oyster site (i.e., kat decreased as travel distance increased),
possibly because of decreased bacterial adhesion with
increased transport distance. Our model acknowledges
spatial dependence of microbial parameters through the
use of dynamic (i.e., nutrient-dependent) attachment and
detachment coefficients. The parameter g accounts for the
additional observed nitrate utilization by processes such as
the growth and decay of indigenous microflora or endog-
enous respiration. Terms such as QSCa

S and QSXm
S in the

above equations denote the source terms due to recircula-
tion, since the extracted water contains solutes. The source
concentrations for the injection wells (which were previ-
ously extracted from the extraction wells) were calculated
based on a flux-weighted average from the extraction wells.
[20] The specification of appropriate boundary and initial

conditions (as well as parameter values) is important to
obtain a unique solution. Mathematically, the number of
boundary conditions required to obtain a unique solution to
a system of PDEs such as equations (1)–(7) is equal to the
number of negative eigenvalues of the matrix system
(assuming that there is no uncertainty in the parameters).
Boundary conditions for the model were specified on all six
faces of the rectangular computational domain. For the flow
model, constant head boundary conditions were used in the
X direction and no-flow boundary conditions were used in
the Y direction (Figure 3). Zero concentrations were spec-
ified on the boundaries after experimenting with different
domain sizes. We finally selected a domain that represents
the best trade-off between larger domain size (required to
justify the specification of zero concentrations far from the
wells) and smaller spatial step sizes (required for higher
resolution). The governing equations were solved using the

RT3D reactive transport model, in which appropriate source
code changes were made to handle well recirculation and
two-site sorption. RT3D uses an operator-splitting approach
in which the advection, dispersion and reaction equations
are solved separately before the final solution is obtained.
We have used the hybrid method of characteristics (HMOC)
for the advection step and a fourth-order Runge-Kutta
method to integrate the reaction equations.
[21] In addition to accounting for the heterogeneity and

well recirculation, the field-scale model differed from the
laboratory model in that a large kinetic attachment value
(10 times the value shown in Table 2) was used during the
two inoculation stress periods on day 67 to simulate the
behavior of the flocculated culture that was used for
inoculation [Dybas et al., 2002]. The large attachment value
was used during the inoculation stress periods only in the
simulation in which the degradation rate was adjusted from
its laboratory-calibrated value. While our model accounts
for additional nitrate utilization due to native flora in
equation (5), we have not followed a similar approach for
acetate as our data did not show evidence of strong acetate
consumption by native flora. The dispersion coefficient
used to describe bromide tracer transport was also found
to describe the acetate transport (including the peak) satis-
factorily. In the absence of a more detailed data set that
helps isolate these effects, we decided to use a parsimonious
approach in which we do not model the acetate consump-
tion by native flora. Spatiotemporal variations in pH are
expected to play a significant role in the growth and
competitive advantage of Pseudomonas stutzeri strain KC.
Adjusting the pH will initiate multiple reactive processes
(both geochemical and biological) in the aquifer. For
example, pH affects iron speciation [Dybas et al., 1995].

Figure 9. Computed streamlines and hydraulic heads near the delivery wells showing the complex 3-D
flow due to well deviations and heterogeneity for (a) injection into odd numbered wells and extraction
from even wells and (b) reversed flow with injection into even numbered wells and extraction from odd
wells.
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Effects of pH on trace metals and their influence on the
biology of KC is also known [e.g., Tatara et al., 1993].
Modeling these reactive processes requires the ability to
integrate descriptions of solid phases (such as iron minerals
and calcite) with other components [e.g., Phanikumar and
McGuire, 2004] and is beyond the scope of the present
paper. pH dependence is not explicitly modeled in the
present study, as most of the region was in the 8.2 range
for pH at the time of inoculation. Consequently, we assume
that strain KC remains competitive throughout the study
period and continues to grow and degrade CT.

4. Results and Discussion

[22] Our modeling efforts explore the complex processes
that occur in a field-scale bioremediation system. We use
the model to gain insight into how processes and rates

change from the laboratory scale to the field scale. Since it
is difficult to measure rates of microbial processes at the
field scale, models based on extensive data sets can be used
to explore differences between scales. To this end, we first
apply our reactive transport model to the Schoolcraft field
site using laboratory optimized parameters (with changes
to account for advection, dispersion and heterogeneity),
which tests the predictive ability of the model for the
specified field conditions. We then present a scenario in
which one parameter was changed from its laboratory
value due to changes that likely exist from the laboratory
to field conditions.
[23] To illustrate the nature of mixing in the heteroge-

neous aquifer, the computed streamlines and hydraulic
heads are shown in Figure 9 for the two possible operation
modes of the delivery well gallery. The results are shown for
layer 11, which corresponds to a depth of 14.75 m bgs.

Figure 10. Spatiotemporal evolution of simulated mobile microbial concentrations. The simulation
used the laboratory-optimized parameters shown in Table 2 with the exception of CT degradation rate,
which was lowered to one half of the laboratory-calibrated value, and microbial attachment, which is an
order of magnitude higher during inoculation. Plots show the log10(Xm) = 1.0 CFU/mL isoconcentration
surfaces as a function of time.
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Figure 9a shows the simulated heads and flow lines at the
end of a stress period in which flow was injected into the
odd numbered wells while extracting from the even num-
bered wells. Figure 9b shows the same when the flow was
reversed (i.e., even numbered wells received injection while
extracting from the odd numbered wells). The flow lines
were computed based on the u and v components of the 3-D
velocity field, and thus do not appear to be perfectly
orthogonal to the hydraulic head contours. Figures 9a
and 9b illustrate the complex nature of mixing in the
biocurtain region due to heterogeneity. We also notice that
the wells are not in a straight line with equal separations due
to well deviations, which introduces additional asymmetries
into the flow field.
[24] To gain insight into the dynamics of the biocurtain

and to illustrate the influence of heterogeneity and pumping
on microbial transport in the aquifer, we created a sequence
of 3-D plots (Figure 10) that show the spatiotemporal

evolution of simulated mobile microbe concentrations.
Several key observations can be made from Figure 10.
First, we observe that the biocurtain is thickest in the
high-conductivity region and relatively thinner in the low-
conductivity layers. The unequal thickness of the biocurtain
in different conductivity layers provides nearly equivalent
residence times for natural gradient transport of contami-
nants through the biocurtain. Initially, microbial popula-
tions build up across the entire area of inoculation because
nitrate exists everywhere across the region and acetate is
injected with the microbes, so at all locations, the native
nitrate level supports significant growth. However in
subsequent feeding periods, down gradient of the delivery
system, the nitrate (electron acceptor) becomes the limiting
factor because the only source of nitrate is the upgradient
water which is mixed across the biocurtain region during
operation of the delivery well gallery. As a result, the
leading edge of the biocurtain has the highest microbial

Figure 11. Spatiotemporal evolution of simulated percent CT degradation (using a constant background
CT concentration of 32 ppb to aid visualization). Note the influence of heterogeneity, especially in the
deeper high-conductivity region. Plots show isoconcentration surfaces corresponding to 5% CT
degradation. All other conditions are similar to the simulation used for Figure 10.
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concentrations because this is the ideal region for high
growth and low microbial decay.
[25] We illustrate how the CT degradation front evolves

with time and space, by creating a separate simulation with
an average background value for the initial CT concentra-
tion (32 ppb) rather than using the kriged CT observation
field that was used as the initial condition in all other
simulations. Figure 11 shows the spatiotemporal evolution
of the CT degradation front, calculated as a percentage
reduction from the simulated background value of 32 ppb.
These results clearly show that heterogeneity in hydraulic
conductivity plays a significant role in the contaminant fate
and transport. As expected, the remediation front progresses
downgradient much more rapidly in the high-conductivity
regions where the advective velocity is much higher. The
model also indicates that the degradation appears to be close
to 100 percent effective across the entire area of the active
biocurtain. This is consistent with our field observations that
the average degradation efficiency at all 70 measurement
points downgradient of the delivery well gallery was
approximately 97 percent [Dybas et al., 2002].
[26] A detailed comparison between simulated and

observed concentrations of the main reactive components
is shown in Figures 12–15, for wells 9, 10, 12 and 13

at the five observation depths, 10.7 m (35 feet), 13.7 m
(45 feet), 16.8 m (55 feet), 19.8 m (65 feet) and 22.9 m
(75 feet) bgs. Concentrations of CT, acetate, and nitrate
were normalized using the values 32, 200 and 42 respec-
tively. In Figures 12–15, a time of zero days corresponds
to the beginning of the tracer test, and inoculation was on
day 67. The dashed line (in CT concentration plots)
corresponds to the simulation in which all reaction
parameters are fixed at laboratory optimized values. The
mixing model (no degradation) provides a reasonable
prediction of the observed rise in CT concentrations
before the inoculation event, when water was recirculated
with an average extracted concentration of 32 ppb.
[27] After the inoculation event on day 67, the model

based on laboratory-optimized rates clearly overpredicts
degradation at the field scale. This result is not surprising
in view of the fact that electron acceptor availability and
microbial growth often limit degradation at the field scale.
As a result, we reduced the CT degradation rate to half of
the laboratory-optimized value (Table 2) for a second
simulation shown with a solid line in the CT plots. Given
the fact that parameter values likely change between labo-
ratory and field settings due to a number of factors such as
the presence or absence of trace metals, it is reasonable to

Figure 12. Comparisons between simulated (lines) and observed (symbols) concentrations of CT,
acetate, nitrate, and mobile and immobile microbes for monitoring well 9. The dashed line for the CT
concentrations denotes a prediction based on all laboratory-calibrated model parameters. The solid lines
represent a second simulation in which degradation rate was lowered to one half of the laboratory-
calibrated value and microbial attachment is an order of magnitude higher during inoculation. Simulated
concentrations of acetate, nitrate, and microbes correspond to the second simulation with a lower
degradation rate.
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expect the CT degradation rate to change from the
laboratory to the field. An important feature in the ob-
served CT degradation that was not adequately simulated
by the model is the increase in CT observed in the high-
conductivity layers for some wells after the postinoculation
decline (e.g., well 10 at a depth of 22.9 m). One possible
explanation for this increase is as follows. The microbes
that were used to inoculate the well gallery were a
flocculated culture and our observations indicated that a
major fraction of these attached to the aquifer sediments
immediately after inoculation [Dybas et al., 2002]. The
initial observed CT degradation was likely caused by the
secreted biofactor produced by strain KC in the inocula-
tion tanks while the subsequent degradation was accom-
plished by a new batch of microbes that grew from the
original culture and formed a complete biocurtain through
time. The cells that were grown in the inoculum did not
have the iron limiting conditions that are required for
optimal expression and to reach growth levels to support
maximum degradation. The delay associated with the
growth of new microbes likely resulted in a temporary
loss of CT-degrading ability resulting in an increase in CT
concentrations. Low-conductivity layers did not show this
behavior perhaps due to the slower velocity of nutrients
and microbes in these layers. Other factors that could
affect model predictions of CT degradation include the
spatiotemporal changes in pH, which could influence the
ability of Pseudomonas stutzeri strain KC to competitively
grow and degrade CT.

[28] Degradation is controlled by many factors including
the groundwater velocity, the microbial concentration and
the availability of the electron donor and acceptor. If
microbial activity is not established or is temporarily lost,
the contaminant concentrations begin to rise due to a loss of
degrading ability. We notice that for well 12 at a depth of
22.9 m (75 feet) bgs (Figure 14), a point in time when CT
concentrations begin to rise (around 75 days) also corre-
sponds to the time when the mobile microbial concentrations
begin to decrease and immobile concentrations are not
sufficiently high (i.e., still on the rise). Sustained CT
degradation begins to takes place only after microbial
concentrations reach sufficiently high levels (Figure 14).
Although the model is able to describe this behavior from
a microbial transport point of view, the temporary increase
in the CT concentrations is not adequately captured, likely
due to the reaction rate constant used in the model (i.e.,
the link between microbial populations and degradation).
As mentioned earlier, this model was predictive, rather
than attempting to fit the model to the data. The fact that
the laboratory-calibrated model has the ability to describe
field-scale processes with a minimal change in parameters
is evident from the improvement in CT comparisons in
Figures 12–15.
[29] Schirmer et al. [2000] successfully simulated natural

attenuation of BTEX compounds in the Borden aquifer
using laboratory-derived parameters. Our laboratory
parameters were found to adequately describe the concen-
trations of all components except CT which required a

Figure 13. Comparison of simulated (lines) and observed (symbols) concentrations for monitoring
well 10. See Figure 12 caption for details.
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lower degradation rate to obtain a reasonable match. In
addition to the factors mentioned above, this difference
may be attributed to the fact that Schirmer et al.’s model
simulated natural attenuation while the present model
attempts to simulate bioagumentation in a complex engi-
neered system with forced flow (recirculation wells) and
pulsed injection of nutrients.
[30] We quantify the improvement in the model predic-

tions that resulted from decreasing the CT rate coefficient
by computing the CT arrival time quantiles for all wells (and
depths) for the two simulations. Figure 16 shows the
simulated versus observed arrival time quantiles q (10%
to 90%) in which symbols denote depths and colors denote
wells. For a given symbol and color, there are nine arrival
times corresponding to the nine quantiles from 10% to 90%.
If we use the sum of absolute differences in the observed
and simulated quantiles (summed over all wells and depths)
as a performance metric, its value is 5698.8 for a simulation
based on the laboratory-calibrated model and is equal to
2377.9 for a second simulation that used a reduced degra-
dation rate and increased inoculation attachment. If we use
the above (sum of absolute differences in quantiles) as an
objective function for parameter estimation, then the fact
that the function decreased in magnitude for a reduced
degradation rate indicates that we may be able to find an
optimal set of parameters that best describes the observed
degradation and the temporary increase in the CT concen-
trations. However, it is possible that there are several

nonunique optimal parameter sets, as is the case in most
complex modeling problems. Figures 12–16 indicate that
the mismatch between observed and predicted CT degrada-
tion is highest for the shallow layers for all wells (denoted
by diamonds of different colors in Figure 16). These differ-
ences are most likely due to inadequate characterization of
hydraulic conductivity and sorption properties of the sedi-
ments in these regions. Although a great deal of character-
ization was performed at this site, it is still not enough to
accurately describe the transport and degradation at all
downgradient points.
[31] The model assumes that degradation takes place in

both aqueous and solid phases as shown in equations (1)
and (6). Although there is evidence in the literature [Møller
et al., 1995] to suggest that growth rates will likely be
different in the aqueous and solid phases giving rise to
potentially different degradation rates in the two phases, we
have assumed that these rates are equal due to lack of
quantitative information to the contrary. If incorporated into
the model, such differences could potentially explain the
observed transient increase in CT (e.g., using a lower
degradation rate in the solid phase). We also increased the
microbial attachment rate for this simulation to ten times the
corresponding laboratory value for the 1 hour inoculation
period of the flocculent inoculation culture, which we later
found was caused by trace metal limitations [Dybas et al.,
2002]. We find that this model provides a reasonable
description of CT transport and degradation in most regions

Figure 14. Comparison of simulated (lines) and observed (symbols) concentrations for monitoring
well 12. See Figure 12 caption for details.
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indicating that the heterogeneity at the site was described
with enough detail to represent the main advective front of
transport. Observed degradation at different spatial loca-
tions is related to the microbial concentrations at those
locations. Simulated microbial concentrations for all wells
and for different depths in Figures 12–15 show over an
order of magnitude higher microbial concentrations (of
both mobile and immobile cells) in most locations in the
high-conductivity layers.
[32] The electron acceptor concentrations (nitrate) remain

relatively constant during the preinoculation mixing phase,
due to the recirculation mixing of the delivery well gallery,
and the concentrations drop quickly after inoculation
(Figures 12–15), indicating that nitrate is being used as
an electron acceptor. A sensitivity study of model param-
eters indicated that our model is sensitive to biokinetic
parameters and that a microbial growth rate (mmax) that is
fairly close to the laboratory value is required to simulate
the almost instantaneous drop in nitrate concentrations
following inoculation. Decreasing the growth rate from
its laboratory value produced nitrate concentrations that
dropped slowly over a period of time instead of dropping
almost instantaneously as observed in the field. Conse-
quently, the growth rate used in our field-scale simulations
was the same as in our laboratory column model. The
simulated (and observed) oscillations in the acetate con-
centrations show a rise due to each weekly feeding event
followed by a drop due to microbial uptake. The simulated
microbial concentrations indicate that the concentration of

the immobile microbes is much higher than that of the
mobile microbes, a result supported by our observations
[Dybas et al., 2002]. In addition, model predictions of
mobile microbial concentrations are in qualitative agreement
with our observations [Dybas et al., 2002] based on a
KC-specific DNA probe for groundwater samples collected
at monitoring wells downstream from the delivery well
gallery. For example, Dybas et al. [2002] reported that it
took about 137 days before strain KC is detected at well
12 at a depth of 22.9 m. A strong signal (which corre-
sponds to over 103 CFU/mL) was obtained at this depth.
Model predictions for well 12 at this depth (Figure 14)
support this observation. These comparisons clearly dem-
onstrate that our model initially developed and optimized
for the laboratory columns is successful in describing
field-scale remediation with only minor changes in
parameters.

5. Conclusions

[33] In this paper, we demonstrated the application of a
3-D flow and transport model to simulate important
processes in a field-scale bioremediation system at School-
craft, Michigan, USA. With the exception of the CT
degradation rate coefficient and the microbial attachment
value used during the initial inoculation event, all
parameters used in our field-scale simulation were fixed
at their laboratory values to provide predictive analyses.
The laboratory-calibrated degradation rate was found to

Figure 15. Comparison of simulated (lines) and observed (symbols) concentrations for monitoring
well 13. See Figure 12 caption for details.
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overpredict field-scale degradation, perhaps due to limita-
tions on microbial growth in the field due to electron
acceptor availability and/or the spatiotemporal variations in
pH, which affect the competitive advantage of Pseudomonas
strain KC over native flora. Our laboratory-calibrated
model failed to describe the observed CT degradation at
the field scale but was able to predict the observed acetate
and nitrate concentrations well. Although quantitative data
were not available for the microbial concentrations, our
predictions are in good qualitative agreement with field
observations. The predicted microbial concentrations also
seem to support observations made at other sites (e.g., the
Oyster, Virginia site [Johnson et al., 2001]) viz., the
timing of microbial breakthrough is controlled by physical
heterogeneity rather than the chemical properties of the
sediment. An important aspect of the present simulation is
that it uses dynamic partitioning to describe key microbial
processes, i.e., growth, decay, attachment and detachment
are linked to the presence or absence of substrate avail-

ability and therefore acknowledge dependence on both
space and time [Zhang et al., 2001]. Our model considers
CT to be bioavailable in the sorbed phase as shown by the
nature of degradation terms in equations (1) and (6), as
this was necessary to describe laboratory observations.
However, the link between microbial populations and
degradation needs further research. The availability of
quantitative microbial data (for both mobile and immobile
cells) in the form of a time series at different locations
will help reduce some of the uncertainty in the expres-
sions (and rates) used to describe degradation at the field
scale.
[34] Our modeling clearly shows that detailed character-

ization is critical for the success of field-scale bioremedia-
tion. Although the Schoolcraft site is well characterized, we
did not have enough data to describe all the variability in
hydraulic conductivity, aqueous and sorbed phase contam-
inant concentrations, and sorption properties. The reactive
transport modeling provided improved understanding of
rates and processes for this system and indicated that field
degradation rates will likely be lower compared to labora-
tory values due to limitations of electron acceptor avail-
ability. Although bioremediation has great potential, this
research clearly demonstrates the complexities involved in
successful implementation of field-scale bioremediation for
chlorinated compounds. This effort was successful because
of the interdisciplinary nature of the research team and the
fact that decisions were based on models coupled with
extensive laboratory and field data.

Notation

bKC microbial decay rate.
Ca, Cn, CBr concentrations of acetate, nitrate and

bromide.
Ca
S, Cn

S etc. concentrations of acetate, nitrate at the
source.

CCT aqueous phase CT concentration.
Dij dispersion tensor.
f fraction of sites at equilibrium in the two-

site sorption model.
k0 second-order reaction rate for CT.

Kat, Kdet attachment and detachment rates.
Ksa, Ksn half saturation coefficients for acetate and

nitrate.
Kd distribution coefficient.
QS source (or sink) term due to injection (or

extraction) (m3/s m3).
SCT sorbed phase contaminant concentration.
vi velocity in the ith direction.

Xm, Xim mobile and immobile microbial concen-
trations.

Ya, Yn stoichiometric yield for acetate and nitrate.
Ynb stoichiometric factor for the dying strain KC

biomass.
aL, aT longitudinal and transverse dispersivities.

g nitrate utilization rate by native flora.
k first-order sorption-desorption parameter.

mmax maximum growth rate.
q porosity.
r density.

Superscripts
S denotes source (or sink).

Figure 16. Simulated and observed arrival time quantiles
for 45 observation points. (a) Prediction with laboratory
calibrated parameters. (b) Quantiles for a simulation with
degradation rate lowered to one half of the laboratory-
calibrated value and microbial attachment an order of
magnitude higher during inoculation.
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Subscripts
0 denotes initial conditions for the con-

centrations.
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